Abstract. Species extinctions have the potential to dramatically reshape ecological communities. In the Sierra Nevada mountains of California, the emergence of a lethal amphibian pathogen (Batrachochytrium dendrobatidis) drives mountain yellow-legged frog (Rana muscosa and Rana sierrae) populations to local extinction. Prior to population declines, these frogs and their tadpoles were abundant, high-level predators and grazers with high trophic connectance. To quantify how these low diversity aquatic macroinvertebrate communities respond to nonrandom single-species local extinctions, we quantified aquatic macroinvertebrate communities using two approaches: a natural experiment ("Resurveys") and a large-scale synoptic observational study ("Snapshot" surveys). In the Resurveys, we compared benthic macroinvertebrate communities in 22 Sierra Nevada alpine lakes that we categorized as either having extant frog populations, experiencing ongoing disease-driven frog declines, or having previously experienced local diseasedriven frog extirpation. In the Resurveys, taxonomic richness was about one taxa (17%) higher in lakes where frogs were declining or extinct, compared to lakes where frogs were extant. However, multivariate analyses revealed no strong dissimilarities among Resurvey communities, and there were no differences in the abundances of individual taxa between lakes in the frogs extant, declining, or extinct categories. In the Snapshot surveys, we reanalyzed previously collected data from a large-scale survey of 157 lakes with and without frogs. In the Snapshot survey, invertebrate taxonomic richness was less than one taxa (9%) lower in lakes without frogs, and multivariate analyses again indicated only small differences between lakes with and without frogs. Overall, disease-driven mountain yellow-legged frog extinctions had small effects on lake benthic macroinvertebrate communities, with no large changes in invertebrate abundance, richness or evenness, no clear secondary extinctions or invasions, and few taxa showing distinct responses to frog extinctions. Our study highlights how even for conspicuous, highly connected, omnivorous taxa that are experiencing large, rapid, and widespread declines and extinctions, the ecological effects of extinctions will sometimes be small and subtle.
Sierra Nevada mountains of California, the emergence of a lethal amphibian pathogen (Batrachochytrium dendrobatidis) drives mountain yellow-legged frog (Rana muscosa and Rana sierrae) populations to local extinction. Prior to population declines, these frogs and their tadpoles were abundant, high-level predators and grazers with high trophic connectance. To quantify how these low diversity aquatic macroinvertebrate communities respond to nonrandom single-species local extinctions, we quantified aquatic macroinvertebrate communities using two approaches: a natural experiment ("Resurveys") and a large-scale synoptic observational study ("Snapshot" surveys) . In the Resurveys, we compared benthic macroinvertebrate communities in 22 Sierra Nevada alpine lakes that we categorized as either having extant frog populations, experiencing ongoing disease-driven frog declines, or having previously experienced local diseasedriven frog extirpation. In the Resurveys, taxonomic richness was about one taxa (17%) higher in lakes where frogs were declining or extinct, compared to lakes where frogs were extant. However, multivariate analyses revealed no strong dissimilarities among Resurvey communities, and there were no differences in the abundances of individual taxa between lakes in the frogs extant, declining, or extinct categories. In the Snapshot surveys, we reanalyzed previously collected data from a large-scale survey of 157 lakes with and without frogs. In the Snapshot survey, invertebrate taxonomic richness was less than one taxa (9%) lower in lakes without frogs, and multivariate analyses again indicated only small differences between lakes with and without frogs. Overall, disease-driven mountain yellow-legged frog extinctions had small effects on lake benthic macroinvertebrate communities, with no large changes in invertebrate abundance, richness or evenness, no clear secondary extinctions or invasions, and few taxa showing distinct responses to frog extinctions. Our study highlights how even for conspicuous, highly connected, omnivorous taxa that are experiencing large, rapid, and widespread declines and extinctions, the ecological effects of extinctions will sometimes be small and subtle.
IntroductIon
Single species extinctions have the potential to dramatically change communities (Pace et al. 1999 , Ferretti et al. 2010 , Hollings et al. 2014 , particularly when a species' decline strongly influences the abundance of other community members (Menge 2003) . The effect that one species has on others can depend on species' abundances (Doak and Marvier 2003) , interaction strengths (Otto et al. 2008) , community diversity (McCann 2000) , composition (Menge 2003) , and connectance (Petchey et al. 2008, Dunne and Williams 2009) , and on the balance of top-down and bottom-up v www.esajournals.org SMITH ET AL.
processes in a community (Shurin et al. 2002 , Borer et al. 2005 . Because these properties vary between species and communities, not all extinctions will have similar consequences. Given that most species interact only weakly (McCann et al. 1998 , Berlow et al. 1999 , Emmerson and Yearsley 2004 , species extinctions could often have little measurable effect on their communities (Simberloff 2003) .
Recent species decline and extinctions of some meso-consumers and top predators demonstrate that loss of keystone-like species (sensu Power et al. 1996) can cause disproportionately large changes in species abundances, diversity, and community composition. For example, the decline of sea otters (Estes et al. 1998) , wolves (Beyer et al. 2007 , Beschta and Ripple 2008 , Smith and Tyers 2012 , largemouth bass (Hall and Ehlinger 1989) , caddisflies (Kohler and Wiley 1997) , and Neotropical stream frogs (Colón-Gaud et al. 2010a , b, Connelly et al. 2014 , Rantala et al. 2015 all allowed predatory or competitive release of grazers or producers, or resulted in the loss of facilitation. Such dramatic examples overshadow the examples in which extinctions have relatively little effect on communities. Thus, it remains unclear whether nonrandom single species extinctions typically cause big changes in community properties, or whether extinctions generally cause relatively weak cascading effects in communities (McCann et al. 1998 , Simberloff 2003 , Bunker et al. 2005 ).
Worldwide, rates of species extinction are accelerating (Barnosky et al. 2011) , and among vertebrate groups, amphibians are the most threatened with population declines and species extinctions (Wake and Vredenburg 2008) . This is due in large part to the emergence of the lethal amphibian chytrid fungus Batrachochytrium dendrobatidis (Bd hereafter, Stuart et al. 2004, Wake and Vredenburg 2008) . One of the most intensively studied disease-driven amphibian decline and extinction events is that of the mountain yellow-legged frogs (Rana muscosa and R. sierrae, Wake and Vredenburg 2008, Briggs et al. 2010) . Once the most abundant amphibian in California's Sierra Nevada mountains (Grinnell and Storer 1924) , these frogs first declined as a result of non-native fish introductions. Recently, population declines and extinctions have continued as a direct result of high frog mortality during Bd-driven epizootics (Rachowicz et al. 2006 ). Because of their naturally high abundance and biomass, their disease-driven declines and local extinctions may strongly affect other community members.
From a food web perspective, mountain yellowlegged frog declines and extinctions could have either strong or weak effects on lake communities, including the assemblage of benthic macroinvertebrates. Whether considered omnivores or ontogenetically separated trophic species (tadpoles are grazers, adults are predators on emerging aquatic insects; Finlay and Vredenburg 2007) , removal of frogs from the food web reduces the number of trophic links (Harper-Smith et al. 2005) . Such loss of connectance can reduce community stability (Borrvall et al. 2000) and increase chances of secondary extinctions (Dunne et al. 2002) . Furthermore, the loss of frogs might release macroinvertebrates from top-down control; the removal of introduced fish-trophically similar to frogs in Sierra Nevada lakes (Finlay and Vredenburg 2007) -allows most lake macroinvertebrate taxa to increase in abundance . Loss of top-down grazing effects by tadpoles could release producers from consumer control, making resources available to invertebrate grazers and potential competitors. Conversely, frog declines may leave Sierra Nevada lake communities otherwise intact: if most species' interactions are generally weak and keystone species are rare (Power et al. 1996 , McCann et al. 1998 , Berlow et al. 1999 , then it follows that most of the mountain yellow-legged frogs' interactions are probably weak. Loss of those weak interactions is not likely to restructure benthic macroinvertebrate communities. Furthermore, secondary extinctions of benthic macroinvertebrates are unlikely following frog loss, because in these lakes the only aquatic predator that depends on frogs and tadpoles is a single garter snake species (Jennings et al. 1992) .
Our objective in this study was to describe benthic macroinvertebrate community responses to disease-caused frog declines. While many mountain yellow-legged frog populations have been extirpated by disease, some remain disease-free and extant. This presented us with a natural experiment in which we could compare impacted post-frog decline communities to predecline communities. To link cause and effect, v www.esajournals.org SMITH ET AL.
we focused on fishless lakes where we knew that recent Bd epizootics had caused local frog population extirpations or declines, and compared their communities to those in lakes harboring large unimpacted frog populations. We predicted that (1) communities would differ in diversity, composition, and relative abundances of benthic macroinvertebrate taxa between lakes where frogs were extant vs. extirpated by disease, (2) communities in lakes where frogs were currently declining would have characteristics intermediate between those in lakes where frogs are extant vs. extirpated, and (3) when considered as separate trophic species, frogs and tadpoles would have distinct effects on communities (see Table 1 ). To investigate the generality of the effects of frog loss on Sierra Nevada lake communities, we also described differences among lake communities using surveys conducted across broad latitude and elevation ranges, in lakes where frogs were present or absent. We included only fishless lakes in both studies.
Methods

Study area
Our study lakes lie immediately west of the Sierra Nevada crest, clustered in basins that drain westward into the Kings, San Joaquin, Merced, and Tuolumne River watersheds. These small, high elevation lakes lie in granitic basins near or above the tree line, surrounded by small meadows, sparse vegetation, and bare rock (Tables 2 and 3 ). Sierra Nevada lake water generally has low nutrient concentrations (Sickman et al. 2003) and circumneutral pH (median pH ≈ 7, Bradford et al. 1998 ). We selected lakes based on their elevation, depth, area, and on the status of mountain yellowlegged frog populations (extant, declining, and extinct). Data on frog populations were obtained from annual visual encounter surveys conducted since the mid-1990s in lakes throughout the central and southern Sierra Nevada (Knapp et al. 2003 . Adult frog density had a negative effect on invertebrate abundance, a positive effect on evenness, and no effect on richness. Tadpole density had no effect on community variables Partial v www.esajournals.org
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Lake physical characteristics were obtained from a database describing over 8000 Sierra Nevada water bodies (Knapp et al. 2003 , Knapp 2005 , Davidson and Knapp 2007 ) that includes information on lake elevation, depth, area, perimeter, latitude and longitude, drainage basin, and substrate composition (see Knapp and Matthews 2000 regarding the characterization of physical attributes of the lake).
Resurveys design and sampling
To quantify the effect of frog population extinction on benthic macroinvertebrate communities, we conducted two separate studies. Our first study, the "Resurveys," allowed us to quantify differences among communities in lakes where frogs were extant, declining, or absent, and in which we have documented Bd as the proximate cause of frog declines or absence. We performed repeat surveys of benthic macroinvertebrate communities and amphibians in 22 lakes, which we grouped into three frog population status categories. During the study period (2007) (2008) (2009) (2010) 2012) , frog abundances in Bd-naive "frogs-extant" lakes were large and did not display trends, frog abundances in "frogsdeclining" lakes declined dramatically due to ongoing Bd epizootics, and frog abundances in "frogs-extinct" lakes remained at zero due to documented Bd epizootics that caused local extinction prior to 2006 (except in a single lake in 2010, when 33 adult frogs were present for an unrelated experiment, but were absent in all other years).
The 22 Resurvey lakes included seven frogsextant, six frogs-declining, and nine frogs-extinct lakes ( Table 2 ). All were in Kings Canyon National Park (KCNP) and the John Muir Wilderness (JMW), were >2 m deep and were fishless, providing breeding and overwintering habitats for frogs and tadpoles (Knapp et al. 2003) . We collected 1-3 benthic macroinvertebrate samples in each of the 22 lakes during at least one icefree season (usually from mid-June through late September) over the study period. The range of benthic samples collected was a consequence of Notes: All values are means ± one standard error for each characteristic, except for elevation for which the range and mean are provided. Mean siltiness is the mean of the percent of lake substrate which is composed of silt (particles <0.5 mm). Adult and tadpole densities are calculated as abundance per meter shoreline; subadult densities not shown. Superscript letters indicate significant differences among frog population status categories (ANOVA, Tukey HSD, P < 0.05).
† Adults were absent from frogs-extinct lakes except in a single lake in 2010, when 33 adult frogs were present for an unrelated experiment, but were absent in all other years. Mean number of samples collected from frogs-extant lakes: 5 ± 0.5; frogsdeclining lakes 7 ± 0.9, and frogs-extinct lakes: 3 ± 0.2. Notes: Variables are described in Table 2 . All lakes in the Snapshot survey were sampled exactly once. † Indicates a characteristic for which between-region differences were significant (ANOVA, P < 0.05). Superscript letters indicate significant within-region differences among population status categories (ANOVA, P < 0.05). Elevations of Snapshot KCNP/JMW lakes were not significantly different from elevations of Resurvey lakes.
v www.esajournals.org SMITH ET AL. inclement weather or late snowmelt preventing access. We conducted invertebrate and amphibian surveys during the same summer, but not on the same day.
Snapshot survey design and sampling
In our second study (the "Snapshot survey"), we used benthic macroinvertebrate community data from one-time visits to lakes that spanned broad gradients of elevation, latitude, lake size, and productivity, These factors are known to affect community composition and species abundances . These data allowed us to generalize the effects of frog presenceabsence on benthic macroinvertebrate communities across broader ranges of environmental variables. We compared macroinvertebrate communities in lakes with frogs to communities in lakes without frogs, using data from benthic macroinvertebrate and amphibian surveys performed by Knapp et al. (2001 Knapp et al. ( , 2005 . Between 1995 and 2005, Knapp and others conducted two studies in which they sampled benthic macroinvertebrate communities in lakes in KCNP and the JMW ) and in Yosemite National Park (YNP, Knapp et al. 2005) . At the time of those surveys, these regions contained most of the largest remaining mountain yellow-legged frog populations in the Sierra Nevada. Although these two studies quantified the impact of introduced trout on lake communities, we analyzed only the data from historically and currently fishless lakes to isolate frog effects on communities independent of fish effects on communities. From these fishless lakes, we selected lakes that provided frog breeding habitat (>2 m deep, Knapp et al. 2003) . We grouped these lakes into two frog population status categories, either containing frogs ("frogs-extant") or lacking frogs ("frogless"), based on amphibian survey data collected concurrently . We did not categorize frogless lakes as "frogs-extinct" because we did not know historical frog presence or the reasons for frogs' absence. However, the habitat characteristics of frogless lakes were within the ranges that frogs can inhabit (Knapp et al. 2003 ); therefore we assumed that frog absence was caused by Bd epizootics.
Lake elevation, latitude, perimeter, and substrate composition differed between study regions (YNP vs. KCNP and JMW, Table 3 ). Within each region, lakes in different frog population status categories did not differ in elevation, maximum depth, or substrate composition; but in YNP, frogless lakes had shorter perimeters and smaller surface areas than frogs-extant lakes (Table 3 ). In total, we examined communities in 157 lakes in our Snapshot survey. Each lake was sampled exactly once in 1995-1997 or 2000-2001 , on the same day as amphibian surveys.
Community sampling methods
Amphibian density data.-For all lakes in the Resurvey and Snapshot Survey, we counted adults, subadults, and tadpoles once annually using visual surveys. Observers walked the entire shoreline of each lake and counted all individuals of each life stage observed. In these lakes, clear water, unvegetated shorelines, and basking behavior of frogs and tadpoles allow a single visual survey to provide a repeatable estimate of the presence-absence and relative abundance of frogs and tadpoles in each lake (Bradford 1989 , Knapp and Matthews 2000 , Knapp et al. 2003 . To calculate population densities, we divided the observed abundance of each life stage by the lake perimeter (derived from an ArcGIS 10 geographic information system; ESRI 2011). We compared densities of adults, subadults, and tadpoles across frog population status categories using ANOVA and Tukey's HSD tests (Quinn and Keough 2002) . The densities of adults, subadults, and tadpoles differed among frog population status categories in both surveys (Tables 2 and 3) . For subsequent analyses, we calculated densities of adults and subadults together (hereafter "adults").
Littoral benthic macroinvertebrate surveys.-In both the Resurvey and Snapshot Survey, to assess invertebrate abundance, richness, and community composition, we collected benthic macroinvertebrates in the littoral zone of each lake. Our methods allowed us to calculate both absolute and relative abundances of observed taxa, and were used in previous studies of Sierra Nevada benthic macroinvertebrates (Bradford et al. 1998 , 2005 . We took 15, 1-m long sweeps with a 30 cm diameter D-net (mesh size 250 μm) at 0.5-1 m depth in the littoral zone around each lake's perimeter. The number of v www.esajournals.org SMITH ET AL.
sweeps on a given substrate type was taken in proportion to the availability of different substrates in each lake's littoral zone. Substrates were categorized as silt (<0.5 mm), sand (0.5-2 mm), gravel (>2-75 mm), cobble (>75-300 mm), boulder (>300 mm), bedrock, and aquatic vegetation, as in Knapp and Matthews (2000) . To sample interstices within substrates, we disturbed gravel, cobbles, or small boulders with our feet before taking sweeps. The contents of all 15 sweeps were pooled, then were separated from sediment and coarse organic matter in the field, and preserved in 70% ethanol. Out of 106 total samples in the Resurvey, five whole samples were subsampled because sorting was incomplete after 4 h. In all 106 samples, we subsampled Chironomidae because of their high abundance. We visually estimated the proportion of the sample volume that we subsampled, to adjust future laboratory counts of each taxa. To prevent moving Bd between lakes, all field gear was disinfected in a 0.01% solution of quaternary ammonia for 5 min after sampling each lake (Johnson et al. 2003) .
Individual invertebrates in samples were identified and counted in the laboratory under a stereoscope at 60× magnification, using Merritt and Cummins (1996) , Thorp and Covich (2009) , and our own reference collection. When species-level identifications were not possible or practical, genus or family level identifications were used (as in Knapp et al. 2001) . Beetle larvae in the family Dystiscidae were identified as subfamily Hydroporinae when they were too small to be identified to species or genus. Chironomidae were identified to the family in the Resurvey and in KCNP/JMW Snapshot survey samples, but were identified to the genus in the YNP samples. For some of our analyses of the YNP data, we lumped together genera in the family Chironomidae, to facilitate comparison with KCNP/JWM data. Other taxa that were identified to higher taxonomic levels included mites (Acari), oligochaetes (Oligochaeta), and leeches (Hirudinea). For Chironomidae and the five samples that we subsampled in the field, we adjusted laboratory observed abundances by our in-field estimates of the subsampled proportions.
Statistical methods
Following the objective of our study, we compared invertebrate communities across frog population status categories and frog and tadpole densities. We used linear models to describe relationships of independent frog variables and environmental covariates to univariate community characteristics or to abundances of individual taxa. We compared whole communities in different frog population status categories using multivariate methods.
Analysis of univariate community characteristics.-We evaluated the effects of frog population status or density, and environmental covariates, on total benthic macroinvertebrate abundance, taxonomic richness, and community evenness, using general linear mixed-effects models (Zuur et al. 2009 ). We did this similarly but separately for both Resurvey and Snapshot data.
To test our hypothesis that frog population status drives variation among communities (Prediction 1, Table 1 ), we compared community characteristics with respect to the categorical independent variable "frog population status", which in the Resurvey had levels "frogsextant," "frogs-extinct," and "frogs-declining" (Prediction 2, Table 1 ); for the Snapshot survey levels were "frogs-extant" and "frogless". In those analyses, we considered tadpoles and frogs to be one omnivorous taxon. We also performed analyses using the continuous variables tadpole density and adult density because tadpoles and adult frogs can be considered trophically distinct and ontogenetically separate consumers. These analyses tested our prediction that mountain yellow-legged frog life-stages had distinct effects on communities (Prediction 3, Table 1 ).
Our analyses included continuous covariates for elevation, latitude, lake perimeter, and substrate composition. Resurvey analyses included a categorical covariate for drainage basin, and Snapshot survey analyses included a categorical covariate for study region but not for drainage. We used lake perimeter as an index of lake size in our analyses because it was relevant to the littoral zone size and observed frog and tadpole density, and because it was correlated with lake depth and surface area (Pearson's correlation, df = 155, depth-perimeter: r = 0.27, P < 0.001; area-perimeter: r = 0.75, P < 0.0001), which both predict variation among Sierra Nevada lake communities . We used the percent of a lake's substrate that was v www.esajournals.org SMITH ET AL.
silt as the covariate to describe substrate composition ("siltiness" hereafter) because the proportion of a lake's substrate dominated by silt is related to community composition .
Dependent variables: invertebrate abundance, rarefied richness, and evenness.-As aggregate measures of community characteristics, we calculated invertebrate abundance, taxonomic richness, and community evenness. Invertebrate abundance and richness were positively correlated in both surveys (Resurveys: r = 0.49, P < 0.0001, df = 2, 104, t = 4.9; Snapshot surveys: r = 0.67, P < 0.0001, df = 2, 155, t = 11.12). Therefore, we calculated rarefied richness for each sample, using the number of individuals in the smallest sample, to allow comparisons of richness among samples with different numbers of individuals (Magurran and McGill 2011) . In Resurveys and KCNP/JMW Snapshot surveys, the smallest samples contained only one and two individuals so we excluded small samples then used the smallest abundance in the remaining samples to calculate rarefied richness. For the Resurveys, we excluded samples smaller than the fifth percentile, and calculated rarefied richness using 40 individuals. For the Snapshot data, we excluded samples smaller than the 10th percentile, and calculated rarefied richness using 20 individuals. We used the vegan package for R (Oksanen et al. 2015 , R Core Team 2015 to calculate rarefied richness. We calculated community evenness of the same samples (small samples excluded) as the Shannon diversity of a community divided by the natural logarithm of observed richness (Magurran and McGill 2011) . For Snapshot survey invertebrate abundance, rarefied richness, and evenness, we combined KCNP/JMW data with the YNP data in which Chironomidae were lumped together, which allowed a single analysis for each dependent variable.
Linear model structures: random and mixed effects, and linear model assumptions.-For the Resurvey, our replicates were individual lakes. Frog population status varied at the lake basin scale, because Bd epizootics generally drive populations extinct concurrently in all lakes within a basin . Therefore, in analyses of Resurvey data, we nested lakes within the random effect of drainage basin. Here, our focus was the overall differences between communities in lakes of different frog population status, and not within-year or between-year dynamics. Exploratory plots suggested that neither year, day of year, nor sample number within a year had an effect on invertebrate abundances, richness, or evenness. Therefore, we averaged these dependent variables within each year and across all years sampled. For the Snapshot survey, we treated individual lakes as independent replicates representing a sample of the thousands of lakes within KCNP, JMW, and YNP. In this data set, frog population status often differed between lakes within the same drainage basin, so lakes were not nested within basin, but lakes were nested within study regions (KCNP/JMW, or YNP).
We assessed normality of dependent variable distributions graphically and using ShapiroWilk tests, and where necessary applied transformations to meet the normality assumption of the analyses. In all three datasets, invertebrate abundance met the assumption of normality after log 10 transformation, rarefied richness met the assumption of normality, and community evenness met the assumption of normality when squared. We evaluated variance equality and homogeneity graphically (Quinn and Keough 2002, Zuur et al. 2009 ). We built generalized linear models (GLMs) that allowed intercepts, slopes, and variances of invertebrate abundance, rarefied richness, and evenness to differ across levels of frog population status, drainage basin (for the Resurvey), and study region (for the Snapshot). We compared model fits and parsimony using the Akaike Information Criteria (AIC, Zuur et al. 2009 ). Univariate analyses were performed using the nlme package in R (Pinheiro et al. 2015, R Core Team 2015). We used this approach to establish relationships between our dependent community descriptors invertebrate abundance, rarefied richness, and community evenness, and our independent variables frog population status and density and the covariates lake elevation, latitude, perimeter, and littoral zone siltiness.
Effect sizes.-We calculated effect sizes for benthic macroinvertebrate abundance and richness, to summarize our results and allow comparison to other studies. We used the negative log response ratio (LRR) of sample means in where x i is the mean of the response variable, n i is the sample size, σ i is the standard deviation, and SE i is the standard error = σ i ∕ √ n i (Osenberg et al. 1997) . A negative effect size indicated that the variable was reduced under the impacted condition relative to the control condition. We also calculated effect sizes for abundance and richness values reported in similar studies (Appendix S1).
Composition and similarity of communities.-To compare lake communities in different frog population status categories, we performed multivariate analyses for communities in both Resurvey and Snapshot survey lakes. For the Snapshot survey, we separately analyzed the two regions (YNP vs. KCNP/JMW) because of conspicuously different species composition; this allowed us to use YNP data without lumping together the Chironomidae. For both surveys, we included common taxa, those occurring in >10% of lakes (sensu Gaston 1994 , as used in Bradford et al. 1998 , Schindler et al. 2001 . We used this occupancy-based definition of commonness, rather than an abundancebased definition, because in our samples many taxa were represented by one or a few individuals even when widely distributed and low-occupancy taxa also occurred at very low abundance.
We based our multivariate analyses on community matrices of relative abundance of these commonly occurring taxa, and calculated Bray-Curtis multivariate distances between all pairs of lakes in each survey (Magurran and McGill 2011). We compared multivariate distances within and between frog population status groups using the multiple response permutation procedure (MRPP), and used the within-group agreement to evaluate if within-group similarity was higher if samples were grouped by chance (A > 0, Grace and McCune 2002, Quinn and Keough 2002) . Similarity among communities was visualized by plotting communities' non-metric multidimensional scaling scores (NMDS, Quinn and Keough 2002) . To describe the performance of the NMDS, we calculated stress and correlations between original and ordination distances (Quinn and Keough 2002) . Lastly, we correlated environmental variables and taxa with variation among communities. We used the vegan package in R for multivariate analyses (Oksanen et al. 2015 , R Core Team 2015 .
Responses of individual taxa.-To examine the relationship between individual taxa and frog population status, we compared occupancy and abundance of taxa in lakes across frog population status categories. In both surveys, we examined the occurrence of individual taxa in lakes of each frog population category to identify potential secondary extinctions or colonizations. For Resurveys and for KCNP/ JMW Snapshot surveys, we evaluated the abundances of all common taxa, but for YNP Snapshot surveys, we examined only the taxa that were significantly correlated to NMDS axes, due to the very large number (>50) of common taxa in YNP lakes. To describe how the abundance of each common taxon differed between lakes in different frog population status categories, we used GLMs that included the absolute abundances of each taxon as dependent variables and frog population status variables and environmental covariates as independent variables. For the Resurvey, we summarized abundances of taxa by calculating per-lake averages across all survey years, resulting in one abundance value per taxon per lake (n = 22 lakes). Our GLMs accounted for zero-inflated species count data with negative binomial distributions, using a logit link function (Zuur et al. 2009 ); our general approach to fitting these models was similar to that described for models of univariate community dependent variables, in 
results
Resurveys
Rarefied richness was about 1 taxon (17%) higher in frogs-declining and frogs-extinct lakes than in frogs-extant lakes (Fig. 1) , according to the best fit GLM of rarefied richness, which included only frog population status as a fixed effect (Table 4) . Best-fit GLMs of invertebrate abundance and community evenness did not include frog population status as a fixed effect.
Adult frog density had some effect on communities, but tadpole density did not. Models of invertebrate abundance and community evenness both included a fixed effect for adult frog density (Table 4) , which had a negative effect on abundance (≈37% decrease per additional frog per meter of shoreline) and a positive effect on evenness (30% more even per additional frog per meter of shoreline). The best fit GLM of rarefied richness did not include fixed effects for adult frog density, and tadpole density was not included as a fixed effect in any model. Effect sizes (LRR and 95% C.I.) comparing frogs-extant lakes to frogs-declining and frogs-extinct lakes were 0.32 (−0.19 to 0.83) for abundance and 0.23 ± 0.15 (0.08-0.38) for rarefied richness (Appendix S1: Tables S1 and S2).
Benthic macroinvertebrate communities were similar regardless of frog population status (MRPP, A = −0.01, P = 0.6), with differences correlated with latitude and lake size (Fig. 2) . Of the 40 taxa observed in these surveys, 29 were common and were used in analyses of community structure. Two taxa, Ecclisomyia sp. and Sanfillipodytes sp. were both absent from all frogsextinct lakes. Hirudinea was absent from all frogs-declining lakes, but was present in both frogs-extant and frogs-extinct lakes. After factoring out variation due to environmental variables, frog population status had no effect on residual absolute abundance of any of the common taxa.
Snapshot surveys
In the Snapshot surveys, rarefied richness was <1 taxon higher in frogs-extant lakes compared to frogless lakes, and richness decreased by ≈1.4 Fig. 1 . Mean rarefied richness ± one standard error for Resurvey communities in KCNP/JMW. Letters indicate significant differences (ANOVA, Tukey HSD, n = 22, F 2,19 = 6.5, P < 0.02). Table 5 , Fig. 3) ; the slope and variance did not differ with respect to frog population category or study region. Although a second analysis treated YNP and KCNP/JMW Snapshot datasets separately (Appendix S2) and allowed us to use the YNP data in which Chironomidae were not lumped together, the result was similar (Appendix S2: Table S1 ): taxonomic richness in frogs-extant lakes was about one taxon higher than in frogless lakes, and decreased with elevation. Notably, this status-richness relationship is opposite of the relationship we found in the Resurveys. For the Snapshot survey, models of invertebrate taxa; overall fit between original and NMDS distances: 96%; stress on 3 axes: 0.08. Points represent communities in frogs-extant, -declining, and -extinct lakes; there were no overall community differences among frog population status categories (MRPP, A = −0.01, P = 0.6). Arrows in adjacent panels represent correlations between either environmental variables and variation among communities or taxon relative abundances and variation among communities; longer arrows indicate stronger correlations. (a) axes 1 and 2 with respect to frog population status; (b) environmental variable correlation vectors for axes 1 and 2, r 2 > 0.25, P < 0.05; (c) species relative abundance correlation vectors, with arrow color indicating strong correlations (white arrows: r 2 > 0.36, P < 0.05) or weaker correlations, black arrows: r 2 = 0.23-0.35, 0.05 < P < 0.08; (d) axes 1 and 3 with respect to frog population status; (e) environmental variable correlation vectors for axes 1 and 2, r 2 = 0.36, P = 0.02; (f) species relative abundance correlation vectors, with strong correlations (white arrows: r 2 > 0.3, P < 0.03) and weak correlations (black arrows: r 2 = 0.23-0.3, P < 0.08). Taxon codes: AMEL: Ameletus spp., CALB: Callibaetis ferrugineus, CHIR: Chironomidae, CORI: Corixidae, DESM: Desmona mono, OLIG: Oligochaeta, PISI: Pisidium casertanum, POLY: Polycentropus variegatus, SIAL: Sialis occidens, STIC: Stictotarsus spp. Fig. 3 . Benthic macroinvertebrate rarefied taxonomic richness in Snapshot survey community samples, relative to lake elevation, study region, and frog population status. Frogs-extant lakes had, on average, 0.5 taxa higher richness, and richness declined by about 1.4 taxa per 1000 meters of elevation. Lines are linear model fits for each frog population status category; slopes do not differ. abundance and community evenness did not include frog population status and included only a fixed effect for littoral substrate siltiness. Effect sizes (LRR and 95% C.I.) comparing frogs-extant lakes to frogless lakes were, for abundance and rarefied richness: −0.14 (−0.77 to 0.49) and −0.16 (−0.31 to −0.01) in YNP, and 0.05 (−0.25 to 0.35) and −0.1 (−0.21 to 0.01) in KCNP/JMW (Appendix S1: Tables S1 and S2 ). Community composition was conspicuously different between YNP and KCNP/JMW. This difference persisted even after disparity in taxonomic resolution of datasets was resolved by lumping the Chironomidae genera together in the YNP data. Due to these differences, we performed separate multivariate analyses of whole communities in the two regions. In YNP Snapshot surveys (n = 91), we observed 80 taxa, of which 56 were common and were used in the multivariate analysis. Communities in frogsextant lakes differed significantly from those in frogless lakes, but the difference was very small (A = 0.01, P = 0.03 , Fig. 4) ; community differences were strongly correlated with elevation (r 2 = 0.51, P < 0.001, Fig. 4) . Callibaetis ferrugineus, Cenocorixa sp., and Oreodytes sp. were correlated with frogsextant communities, and Chironomidae was correlated with frogless lakes (all r 2 > 0.3, P < 0.005), but GLMs for each taxon's abundance did not include frog population status as a fixed effect. No secondary extinctions were evident as all common taxa were present in some lakes in both frog population status categories.
In KCNP/JMW, communities in frogs-extant lakes were not significantly different from those in frogless lakes (MRPP, A = 0.01, P = 0.1, Fig. 5 ). We observed 36 taxa in KCNP/JMW, of which 22 taxa were common and used in the multivariate analysis. Ameletus sp., Callibaetis ferrugineus, and Stictotarsus sp. were correlated with frogsextant communities, while Chironomidae, Hydroporinae, and Desmona mono were correlated with frogless communities (all r 2 ≥ 0.20, P < 0.01, Fig. 5 ). There was no evidence of secondary extinctions or invasions; all common taxa were present in some lakes in both frog population categories. According to GLMs of taxa abundances and ANOVA of model residuals, Desmona mono was less abundant in frogs-extant lakes than in frogless lakes; Oligochaeta and Sialis occidens were more abundant in frogs-extant lakes than in frogless lakes (Table 6) , although there was no correlation of those taxa with frogs-extant communities in multivariate analyses. Despite correlations with frogs-extant and frogless communities in multivariate analyses, frog population status did not explain abundances of Ameletus spp., Callibaetis ferrugineus, and Chironomidae, Hydroporinae, and Stictotarsus sp.
dIscussIon
Overall, declines and local extinctions of mountain yellow-legged frogs (Rana muscosa and Rana sierrae) had weak effects on benthic macroinvertebrate communities in Sierra Nevada lakes; our observations provided only partial support for our predictions. Lakes where frogs were extant, declining, or extinct sometimes differed in invertebrate abundance, richness, and community composition, but the directions of those differences varied within and between our two studies and the magnitudes were small throughout. In both studies, for example, benthic macroinvertebrate community richness differences were proportionally large, but represented just a single taxon; effect sizes were essentially zero. Tadpoles had no detectable effect on benthic macroinvertebrate communities, although adult frog density had small effects on abundance and evenness.
Despite that, community composition did not vary consistently with respect to frog population status, and we detected no major co-extinctions, declines, or increases of any taxa in response to frog loss. We conclude that these once abundant, highly connected top predators and grazers declined and went locally extinct with few direct or indirect, and mostly small, effects on their communities.
Although communities were weakly affected by frog population status and adult frog density, they were strongly influenced by elevation. Higher elevations were associated with higher community evenness, and lower invertebrate abundance and taxonomic richness. Most of our multivariate analyses also indicated correlations between elevation and differences among communities. The negative relationship between diversity and high elevation is a general biogeographical pattern, which can interact with other abiotic and biotic processes (Rahbek 1995 , Brown 2001 , Lomolino 2001 , Wang et al. 2011 . Despite the strong effect of elevation on communities, elevation did not interact with frog population status or density to influence invertebrate richness or abundance. Our results support the biogeographical generality that diversity declines at high elevations, as well as regionally specific ideas of how lake characteristics contribute to variation among Sierra Nevada lake communities .
Food web models can guide predictions about how variation among communities is influenced by a species' presence or absence, and they can help clarify observed community differences (Cohen et al. 1993) . Here, we saw that different food web properties predicted different effects of frog extinctions on Sierra Nevada lake communities. High connectance of a species could predict strong effects of the loss of that species, and loss of mountain yellow-legged frogs reduces food web connectance by more than 10%, which is a greater loss of connectance than would follow the removal of any other taxa (Harper-Smith et al. 2005) . Reduced connectance can lead to secondary declines or extinctions, especially following non-random extinctions such as might be caused by a disease epizootic (Dunne et al. 2002 , Srinivasan et al. 2007 , Gilbert 2009 ), but we saw no secondary declines or extinctions in our study. The position of frogs in the food web helps explain why loss of frogs and connectance had little effect on the invertebrates in these communities. In this food web, no benthic macroinvertebrates depend exclusively on frogs; this predicts that frog loss would have relatively minor effects on the invertebrate community. The only species that does depend on frogs is the western terrestrial garter snake (Thamnophis elegans, HarperSmith et al. 2005) , and was not included in our invertebrate-focused analyses. These snakes decline following frog declines caused by fish introductions into Sierra Nevada lakes (Jennings et al. 1992 , Matthews et al. 2002 , and local frog extinctions due to disease seem very likely to have the same effect on garter snakes. Additional study of other frog predators, like Brewer's Blackbirds, Clark's Nutcrackers, or coyote (Bradford 1991) , or frog symbionts and parasites (Goodman 1989 , Bradford 1991 , Jani and Briggs 2014 ) may also reveal secondary declines following loss of frogs as a resource. However, because the small invertebrate predators in these lakes do not depend on frogs or tadpoles as prey, we saw no secondary declines of benthic macroinvertebrates.
The weak effects of mountain yellow-legged frog declines on macroinvertebrate prey and competitors may be partially explained by the dominance of bottom-up vs. top-down processes in high elevation lakes. We saw little evidence of predatory or competitive release of macroinvertebrates following frog and tadpole declines, patterns that might have suggested consumer control of resources by frogs and tadpoles. In historically fishless Sierra Nevada lakes, top-down processes are probably less important drivers of community structure than are bottom-up processes. Consumers may have little effect on producer abundance in high elevation oligotrophic lakes; in the Sierra Nevada, tadpoles do not reduce algal abundance or exploitatively compete with grazing mayfly nymphs (Smith 2015) , and zooplankton have minimal effects on phytoplankton abundance (Sarnelle and Knapp 2005) . Rather, producer abundance is often limited by low levels of nitrogen and phosphorus (Sickman et al. 2003) , which can weaken the effect of higher trophic levels on lower levels and reduce both competition among grazers and the strength of top-down trophic cascades (Sarnelle 1992 , Sterner et al. 1997 . Potential dominance of bottom-up over top-down processes in oligotrophic lakes may contribute to the weak effect that frogs have on their prey and competitors in the Sierra Nevada.
The most relevant scenarios with which to contrast our results may be (1) the response of Sierra Nevada lake communities to trout introductions-the same system that we studied but responding to a different disturbance-and (2) the response of Panamanian stream communities to disease-driven frog declines-a different system responding to the same disturbance that we studied. Both of these events had stronger impacts on communities than those we observed. Merritt and Cummins (1996) and Thorp and Covich (2009) . ‡ Significance of frog population status term in GLM of taxon abundance, given by the log-ratio test of model with and without frog population status.
§ Statistics shown when there was a significant difference (P < 0.05) among model residuals in frogs-extinct vs. frogless lakes.
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Frogs and introduced fish share nearly identical positions and connectance in the Sierra Nevada lake food web (Harper-Smith et al. 2005) , and frog biomass density may equal or exceed fish biomass density by an order of magnitude ( Schindler et al. 2001, Sarnelle and Knapp 2005; R. A. Knapp, unpublished data) . However, the presence of fish dramatically changes community structure, reducing invertebrate community abundance and richness and altering composition; in contrast, our study indicates that the presence of frogs has little effect. Effect sizes (Appendix S1: Table S3 ) indicate that the impact of frog declines on benthic macroinvertebrate communities (-LRR ± 95% CI; abundance: 0.08 ± 0.26; richness: −0.01 ± 0.24) have much weaker effects than do fish introductions (abundance: −0.32 ± 0.01; richness: −0.12 ± 0.06). The discrepancy in effect sizes may result from differences in species' characteristics, like how frogs and fish feed. Adult frogs mainly feed on adult insects along lake shorelines, encountering those insects only on the relatively few summer days on which insects emerge from the lakes (terrestrial insects are a very small part of frogs' diets, Finlay and Vredenburg 2007) . Meanwhile, trout can capture larvae and nymphs throughout pelagic and benthic habitats year-round (Finlay and Vredenburg 2007) . Thus, adult frogs have access to aquatic prey only during a brief spatial and temporal window, a limitation that should impose strong constraints on the amount of prey biomass consumed. In contrast, trout have almost unlimited access to prey which allows them to consume a much higher biomass of prey, so their ability to reduce the abundance and diversity of Sierra Nevada aquatic insects may be much higher than that of frogs.
As in the Sierra Nevada, Bd epizootics have decimated frog abundance and diversity across Central America (Crawford et al. 2010) , but there the effects on communities have been larger. The decline of frogs and tadpoles in Panamanian streams led to shifts in abundances of several invertebrate taxa (Colón-Gaud et al. 2010a , b, Connelly et al. 2014 . The average effects of frog loss on Neotropical stream invertebrate communities (abundance: −0.31 ± 0.40, richness: −0.62 ± 0.46, Appendix S1: Table S3 ) are larger than those we observed (abundance: 0.08 ± 0.26, richness: −0.01 ± 0.24). This difference may be partially due to different abundances of frogs in the two systems: although mountain yellow-legged frogs and tadpole densities we observed are typical for ranids in high elevation lakes in western North America (Fellers and Drost 1993 , Pilliod and Peterson 2001 , Pope 2008 , they may be orders of magnitude lower than frog biomass in Panamanian forest streams (Whiles et al. 2006 , Colón-Gaud et al. 2009 ). Bottom-up limits may be weaker in tropical streams than in high elevation lakes, and top-down control of resources has been documented for tadpoles and other grazers in tropical streams (Ranvestel et al. 2004 , Connelly et al. 2008 , Davies et al. 2008 , Whiles et al. 2012 ), but not in Sierra Nevada lakes (Smith 2015) . Compared to alpine lakes, higher edge-to-surface area (or volume) ratio of riparian and stream habitats and milder seasonality may allow Neotropical stream frogs and tadpoles greater opportunity to prey on or to compete with benthic macroinvertebrates. Short-and long-term ecosystem-scale impacts of amphibian declines were observed in Panama (Connelly et al. 2008 , Colón-Gaud et al. 2010a , Rantala et al. 2015 , and additional study of Sierra Nevada lake ecosystems might also reveal impacts of frog declines on nutrient cycling, sedimentation, decomposition, or productivity, but these effects are likely to be small (Sickman et al. 2003 , Sarnelle and Knapp 2005 , Smith 2015 . We conclude that although the mechanism driving amphibian declines (Bd emergence) was identical in the Sierra Nevada lake and tropical stream systems, differences between the two ecosystems probably contribute to the variable effects of amphibian declines.
Species loss has the potential to change communities (Pace et al. 1999 , Ferretti et al. 2010 , Hollings et al. 2014 ), but our study illustrates how the community scale consequences of species loss can vary depending on (1) characteristics of the declining species such as trophic position and feeding habits (McCann et al. 1998 , Berlow et al. 1999 , Otto et al. 2008 , Dunne and Williams 2009 , (2) characteristics of the community such as food web structure (McCann 2000 , Menge 2003 , Dunne and Williams 2009 , and (3) the balance of top-down vs. bottom-up limits on the abundance of taxa in the community (Shurin et al. 2002 , Borer et al. 2005 . Our study is unique in part because weak ecological effects of species declines are infrequently reported, and because we show that dramatic cascades following the loss of a top predator are not general across v www.esajournals.org SMITH ET AL. all communities. Even for a once abundant and widespread, highly connected top predator and grazer species that experiences rapid population declines leading to local extinctions, the ecological consequences of extinctions can be small.
